Human activities have dramatically altered reactive nitrogen (N) availability in coastal ecosystems globally. Here we used a gradient of N loading found in a shallow temperate estuary (Waquoit Bay, Massachusetts, USA) to examine how key biogeochemical processes respond to environmental change over time. Using a space-for-time substitution we measured sediment oxygen uptake, dissolved inorganic nitrogen, and di-nitrogen (N 2 ) gas fluxes from sediments collected at four stations. For two stations we compared measurements to those made at the same locations 20 years ago. Spatial variability was not directly correlated to N loading, however the results indicate significant changes in crucial ecosystem processes over time. Sediment oxygen uptake was only 46% of the historic rate and ammonium flux only 34%. The current rate of net denitrification (36 μmol N 2 1 2 -N m − h − ) was also lower than the mean historic rate (181 μmol N 2 -N m −2 h −1 ). Additionally, at one of the stations we measured a negative average N 2 flux rate, indicating that the sediments may be a net source of reactive N. These changes in benthic flux rates are concurrent with a 39% decline in net ecosystem productivity determined from long-term dissolved oxygen data. Although we cannot rule out year-to-year variability we propose that the differences measured between current and historic rates may be explained in part by concurrent changes found in water temperature, precipitation, and freshwater discharge. These regional forcings have the potential to impact N inputs to the estuary, primary producer biomass, and benthic fluxes by altering the supply of organic matter to the sediments. This work highlights the dynamic nature of biogeochemical cycling in coastal ecosystems and underscores the need to better understand long-term changes.
INTRODUCTION
Over the past century human activities have dramatically increased both the magnitude and transport rate of nutrients to coastal ecosystems leading to widespread negative impacts including, eutrophication (Bricker et al., 2008; Selman et al., 2008) , a rise in toxic phytoplankton blooms (Smayda, 1990; Anderson et al., 2002; Anderson, 2009) , increased frequency and duration of low oxygen events (Diaz and Rosenberg, 2008) , and losses of biodiversity (Valiela et al., 1992; Heck et al., 1995; Gong and Xie, 2001) . However, the impact of excess nutrients and subsequent eutrophication on benthic nutrient cycling is less understood, particularly in terms of how sediment biogeochemistry may be altered under concurrent environmental changes on larger regional and global scales (Duarte et al., 2009) . This is important because sediments in shallow coastal ecosystems play a critical role in ecosystem function by supporting organic matter decomposition and subsequent nutrient regeneration, as well as by influencing water column dissolved oxygen (O 2 ) concentrations (Nixon, 1981; Boynton and Kemp, 1985; Giblin et al., 1997) . Furthermore, coastal sediments serve as an important sink for reactive nitrogen (N) with the capability of removing 20-50% of external N inputs through denitrification [the microbial transformation of nitrate (NO − 3 ) to di-nitrogen (N 2 ) gas] (Seitzinger and Kroeze, 1998; Galloway et al., 2004; Seitzinger et al., 2006) . In this way the sediments of estuaries and near-shore ecosystems act as filters, which can mitigate anthropogenic N locally and diminish export to the ocean. Understanding how N pollution alters this critical ecosystem service is key to long-term coastal ecosystem sustainability.
Excess N can alter sediment biogeochemistry through a variety of complex mechanisms. For example, enhanced water column phytoplankton or macroalgae production following nutrient loading leads to declines in seagrass populations (McGlathery, 2001; Hauxwell et al., 2003) while simultaneously increasing deposition of organic matter to the benthos. In turn, this can enhance rates of sediment decomposition and nutrient mineralization (Nixon, 1981) . Increased organic matter deposition to the benthos has also been shown to stimulate rates of denitrification (Seitzinger and Giblin, 1996; Cornwell et al., 1999; Fulweiler et al., 2008 Duarte, 2008) and/or anoxia. Low oxygen events have important implications for sediment biogeochemistry in general (Middelburg and Levin, 2009 ) and the N cycle in particular (Lam et al., 2009; Canfield et al., 2010) . In addition to local scale impacts such as N loading and eutrophication, coastal ecosystems are also subject to larger scale regional and global forcings (e.g., warming, sea level rise, increased precipitation, etc., Cloern et al., 2007; ). These environmental changes can greatly impact coastal ecosystem biogeochemistry and ecosystem functioning. For example, in Narragansett Bay winter water temperatures have increased by 1.7 • C since the 1970s ). This temperature increase has been linked to a variety of critical ecological changes, including the loss of the winter-spring diatom bloom (Oviatt et al., 2002) and diminished mean annual water column chlorophyll concentrations (Li and Smayda, 1998) . In turn, these water column changes led to decreased sediment O 2 uptake, benthic nutrient fluxes, and denitrification rates Fulweiler et al., 2010) . Thus, the interactions between global, regional, and local scale forcings are complex, non-linear, and often unexpected Duarte et al., 2009 ). However, understanding how coastal systems will respond to these changes is a critical challenge if we hope to manage and even restore these ecosystems.
The objective of this study was to assess how sediment metabolism and nitrogen cycling varies under different N loads within a shallow temperate estuary, Waquoit Bay (Massachusetts, USA). Additionally, we compare our rates to those measured in Waquoit Bay over two decades ago as a way to examine how these ecosystem functions have changed over time.
MATERIALS AND METHODS

SITE DESCRIPTION
Waquoit Bay is a shallow (mean depth 1.8 m, maximum depth 3 m), temperate estuary on the southwestern shore of Cape Cod (Figure 1) . The surface area of the main basin and the two major tributaries (Childs River and Quashnet River) is approximately 6 km 2 . River discharge rates range between 0.1 and 0.4 m 3 s −1 and both are approximately 2 km long and 100 m wide with 10 m bridge abutments that restrict flow (Geyer, 1997) . The main basin of the estuary opens to Vineyard Sound but water exchange between the two bodies is restricted by barrier beaches along the southern edge of the bay and water flow is through a small (100 m wide) channel. The tidal range is 0.5 m with a weak spring/neap signal (Geyer, 1997) .
Over the past century changes in watershed land use have dramatically increased the rate of land-derived reactive N inputs to Waquoit Bay. In a model developed by Bowen and Valiela (2001) , the load of N to Waquoit Bay more than doubled from 1938 to 1990. This increase is concurrent with a tenfold increase in the number of houses in the Childs River watershed (Valiela et al., 1992) . Residential septic systems are the principal source of N (LaMontagne, 1996; LaMontagne et al., 2002) at two of these stations, CRE and SLP. Map created by S. Q. Foster. GIS data layers are from the Office of Geographic Information (MassGIS, www.mass.gov/mgis/massgis.html, December 2011,) and are registered to the NAD83 datum, Massachusetts State Plane Mainland Zone coordinate system. because the drainage area has become densely populated and many of the homes are not connected to a sewer system. Four stations were chosen to capture a range of environmental variability in the Waquoit Bay estuarine system (Figure 1) . The stations varied in relative external N loading rates, dissolved inorganic nitrogen (DIN) concentrations, chlorophyll a concentrations, sediment characteristics (Table 1) , and macrophyte biomass (Table 3) . Childs River Estuary (CRE) is a brackish station located in the tidal section of the river in the northwest region of the Waquoit Bay estuarine system. CRE is one of the two main fresh water sources to Waquoit Bay and receives high N inputs (Table 1) (Valiela et al., 1997a (Valiela et al., , 2000 . Two stations in the main basin of Waquoit Bay were also sampled, Metoxit Point (MP) and South Basin (SB). MP is located just south of the Quashnet River, which also carries a high load of N (Valiela et al., 1997a (Valiela et al., , 2000 from its suburbanized watershed, but this open basin station is more well mixed and has greater tidal exchange than CRE. MP also has high macroalgae biomass and experiences large diel swings in dissolved O 2 concentrations in the summer. SB is located close to the mouth of the estuary where there is enhanced tidal mixing and is presumably less influenced by anthropogenic N inputs. This station receives an average N-load Valiela et al., 1997a (watershed N loads) and D' Avanzo et al., 1996 (Valiela et al., 1997a (Valiela et al., , 2000 . SLP is one of the only regions within the Waquoit Bay estuarine system where native eelgrass (Zostera marina) stands are still present. The CRE and SLP sampling stations in this study are in the same region as historical stations where benthic O 2 and N fluxes with sealed cores (LaMontagne, 1996; Kirkpatrick and Foreman, 1998; LaMontagne et al., 2002) , benthic chambers (Hurlbut et al., 1994) , and total ecosystem metabolism (D'Avanzo et al., 1996) were previously measured over the past 20 years. Three of the stations (CRE, MP, and SLP) in this current study correspond to long-term monitoring stations that are part of the National Estuarine Research Reserve (NERR) System-Wide Monitoring Program (SWMP).
NITROGEN LOADING: HISTORIC CALCULATION AND CURRENT ESTIMATE
We calculated historic N loads to Waquoit Bay sub-estuaries for the early 1990s using the total N load to sub-watersheds from the Waquoit Bay Nitrogen Loading Model (NLM) (Valiela et al., 1997a (Valiela et al., , 2000 divided by the estuary surface areas (D'Avanzo et al., 1996) . The Waquoit Bay NLM calculates the sub-watershed Nloads through 1990 (Valiela et al., 1997a (Valiela et al., , 2000 Bowen and Valiela, 2001 ) and we assume relative changes in the N load based on welldeveloped relationships with land use/land cover (Boyer et al., 2002) , population (Caraco and Cole, 1999) and housing densities (Valiela et al., 1992) . Using the Boyer et al. model (2002) and reclassified land use data (MassGIS), we estimated the current N load to the sub-estuaries. The MassGIS data classifies 21 different types of land-use. We reclassified these land-uses into 3 simple categories: "disturbed," "non-disturbed," or "other." Disturbed land-use categories included all residential, commercial, industrial, transportation, waste disposal areas, and cropland. Nondisturbed included forest, pasture, wetlands, open land, and woody perennial regions (e.g., orchards, nurseries, bogs). Under these classifications, the disturbed area of the Childs River Estuary sub-watershed increased by nearly 90% between the early 1970s and the start of the 2000s. This trend is driven by an increase in residential and commercial regions, a trend that continues into the 2000s (Figure 2) . In 1999 more than 40% of the CRE subwatershed was designated as disturbed compared to 20% in 1971.
In the Sage Lot Pond sub-watershed, the land area was relatively less disturbed and only showed a small increase (∼3%) in disturbed areas between 1971 and 1999 (Figure 2 ). These differences in land use between the sub-watersheds is largely responsible for the observed historic differences in N loads (Valiela et al., 2000) and the estimated current N loads. Although the rate of building and watershed development decreased in the 2000s, there have been no substantial changes in the watershed that would impact the overall N-load budget. Therefore, we assume that based on land use in Waquoit Bay sub-estuaries and well established relationships (Valiela et al., 1992; Caraco and Cole, 1999; Boyer et al., 2002) that the current N-load is relatively higher in Childs River Estuary compared to Sage Lot Pond. Additionally, Childs River Estuary is likely to have experienced the greatest increase in N-load over the past 40 years.
SEDIMENT CORING AND FIELD MEASUREMENTS
We collected sediment cores on seven occasions for sediment O 2 uptake, benthic nitrogen fluxes, and net sediment N 2 fluxes at the four sampling stations over 2 years (2011 and 2012) in the summer and fall months (July-October). Each station was sampled three to six times during this period ( Table 2) . Triplicate or quadruplicate intact sediment cores were collected using a pull corer, which maintains the vertical structure of the sediment cores. The core tubes (30 cm height, 10 cm diameter) are made of clear polyvinyl chloride (PVC) material. The sediment height in the cores collected ranged from 10 to 18 cm. After collection the cores were capped and kept in the dark in a cooler in order to maintain approximate field temperature until they were brought to an environmental chamber at Boston University, which was set to the average in situ bottom water temperature. The time between coring and placement in the environmental chamber was less than 7 h. Dissolved O 2 concentrations, salinity, and water temperature (Hach HQd using LDO101, CDC401 probes) were collected at the surface and bottom at each station.
INCUBATION SET UP AND SAMPLING
After the cores arrived at Boston University they were immediately placed in a water bath in the environmental chamber. The sediment cores were kept in the dark, uncapped, and bubbled gently with ambient air overnight (∼12 h) to keep the overlaying water oxygenated without disturbing the surface of the sediment (Fulweiler et al., 2008; Fulweiler and Nixon, 2009 ). All of our incubations were conducted in the dark. We conducted dark only incubations because we used the N 2 /Ar technique for measuring N 2 fluxes which is highly sensitive to bubble formation created by photosynthesis in the light (Eyre et al., 2002) . Additionally, we conducted dark incubations because we wanted to compare these fluxes to those measured historically and all previous incubations were conducted in the dark. We conducted two separate incubations. The first incubation collected samples for DIN fluxes and the second for the flux of N 2 gas Vieillard and Fulweiler, 2012) . We separated these incubations in order to minimize the sample volume taken from the cores at each time point thus decreasing potential dilution impacts. The two incubations were separated by 8-12 h (overnight) and cores were again bubbled gently with ambient air. Before each of the core incubations we carefully siphoned off the water overlaying the sediment and replaced it with 0.2 μm filtered, station-specific bottom water. Each core was then sealed with no air headspace with an acrylic gas-tight lid equipped with inflow and outflow ports. This process was done using inflow of the 0.2 μm filtered station water in order to prevent bubbles in the tops of the sealed cores. Magnetic stir bars (8 cm length), fixed to the core tops (Banta et al., 1995; Fulweiler et al., 2010) , provided gentle mixing of the overlying water (∼40 revolutions min −1 ) with minimal re-suspension of sediments. The incubation temperatures ranged from 19.5 to 26 • C. Incubation time was determined by balancing the following criteria: achieving a 2 mg L −1 drop in dissolved oxygen, five sampling time points at intervals of at least 60 min, and dissolved O 2 concentrations kept above the hypoxic threshold (>2 mg O 2 L −1 ). Our incubations ranged between 6 and 9 h. The total time between core collection and the end of the second incubation ranged between 48 and 55 h.
At each time point water samples were immediately filtered into 30 ml acid washed and deionized water leached polyethylene bottles using a 60 ml acid washed polypropylene syringe and glass fiber filters (Whatman GF/F, 0.70 μm pore size). The vials were stored in a freezer (at approximately −15 • C) until analysis for DIN (ammonium (NH + 4 ), nitrite (NO − 2 ), and nitrate (NO − 3 )). Dissolved O 2 concentrations were measured at 3 time points (initial, middle, and final) using an optical dissolved oxygen sensor (Hach LDO101). At the start of the second incubation we replaced the overlying water with filtered (0.2 μm) station water and the cores were sealed with the gas tight lids and the incubation proceeded. We collected duplicate water samples in 12 ml Labco Limited Exetainer® vials with gas tight septa for dissolved N 2 /Ar gas analysis at five time points and preserved them with 25 μl of saturated zinc chloride solution Nixon, 2009, 2011) . Sample vials were filled from the bottom with approximately a 12 ml overflow volume, preserved, and then immediately capped in order to minimize atmospheric gas contamination.
At the end of the second incubation we uncapped the cores and bubbled them over night (approximately 12 h). The following day we took sediment sub-samples from each core to analyze for sediment porosity, density (in 2011 and 2012) and sediment percent carbon and molar carbon to nitrogen ratios (in 2011). Sub-core samples were taken using acid washed 60 mL polycarbonate syringes with their ends cut off. We sectioned sub-cores at 1 cm increments up to 4 cm. Sediment samples were then frozen and stored in a −80 • C freezer until analysis. 
SAMPLING ANALYSIS AND FLUX CALCULATIONS
Dissolved inorganic nitrogen concentrations were determined by high-resolution digital colorimetry on a Seal Auto Analyzer 3 with segmented flow injection using standard techniques (Solorzano, 1969; Johnson and Petty, 1983; Hansen and Koroleff, 1999) . Our laboratory mean minimum detection limits (MDL) for the period of this study are 0.164, 0.051, and 0.005 μM for NH
2 ), and NO − 2 respectively. Dissolved gas samples were analyzed for concentrations of N 2 and Ar using a quadrupole membrane inlet mass spectrometer (MIMS) using a technique developed by Kana et al. (1994) to measure rates of sediment denitrification (Kana et al., 1998; Eyre et al., 2002; Fulweiler and Nixon, 2009 ). This method is precise (±0.03% for N 2 /Ar), rapid (∼20-30 samples h −1 ) and requires a small sample size (<10 ml). N 2 concentrations were determined using the measured ratio of N 2 /Ar multiplied by the calculated theoretical Ar concentration based on solubility constants of Weiss (1970) and given the temperature and salinity of the sample (Colt, 1984; Kana et al., 1998) . The N 2 /Ar technique gives a measure of net N 2 flux (i.e., gross denitrification minus gross nitrogen fixation).
Flux rates across the sediment-water interface were determined by first calculating the linear regression slope (R squared value ≥0.65) of the net parameter (e.g., O 2 , NH
2 ) concentration over the incubation time. This rate was then multiplied by the sediment core water column volume and then divided by the sediment core surface area. We report mean flux rates of O 2 , NH + 4 , NO − 2 , and N 2 from triplicate or quadruplicate cores (± standard error) from a given sampling station and date in consistent units (micromoles per meter squared per hour, μmol m −2 h −1 ). Positive fluxes represent a net efflux of the parameter out of the sediments into the water column, and negative fluxes represent a net influx of the parameter into the sediments from the water column. A net zero flux represents either a balance between analyte production and consumption process in the sediments and/or rates that are below our detection limit.
Concentration values for NO x were consistently low and in many cases below the MDL of the Seal Auto Analyzer. As a result of this, NO x concentrations were often less than the measured concentration of NO − 2 yielding a negative value for NO − 3 . Therefore, although we were successfully able to calculate fluxes for NO − 2 for most cores we were unable to do so for NO − 3 . Sediment characteristic methods (i.e., sediment porosity, density, percent carbon and nitrogen) followed those outlined in the Protocol Handbook for NICE (Nitrogen Cycling in Estuaries) (Dalsgaard et al., 2000) . Analysis of sediment percent carbon and nitrogen was conducted at the Boston University Stable Isotopes Lab, Boston, Massachusetts, USA.
HISTORIC COMPARISON METHODS
In an effort to put our Waquoit Bay sediment flux rates in a larger temporal context we compared our data to all available historical studies for this site. Most of the historical data come from a comprehensive effort in the early 1990s lead by LaMontagne and Valiela (LaMontagne and Valiela, 1995; LaMontagne, 1996; LaMontagne et al., 2002) . In these studies, sediment fluxes of O 2 , DIN, and N 2 gas, were measured using similar methods to our current 2011-2012 study. Others also measured DIN fluxes (Kirkpatrick and Foreman, 1998) in Waquoit Bay and we have compared our 2011-2012 rates to those studies as well.
All of the values used in our historic comparisons were derived from near identical field and incubation procedures. For example, sediment cores were collected from similar locations within Waquoit Bay and then transported to laboratories where sealed core incubations were conducted in the dark and at ambient temperatures. Water samples were taken from the cores at discrete time points during the incubations and analyzed for the various parameters. The duration of incubations in the LaMontagne (1996) study, like those we report here, were based on the O 2 uptake rate. The Kirkpatrick and Foreman (1998) study used a set incubation time of 24 h. All studies used the same colorimetric techniques to determine dissolved nitrogen species concentrations.
Methods differ between the studies in the analysis of dissolved gas samples. In the LaMontagne studies (LaMontagne and Valiela, 1995; LaMontagne, 1996; LaMontagne et al., 2002) , dissolved gas samples were analyzed for concentrations of O 2 and N 2 using a custom gas stripper connected to a gas chromatograph (GC) (Devol, 1991) . This analysis was designed to precisely (<0.5% coefficient of variance) measure dissolved gasses by injecting a fixed volume of liquid, completely stripping the gasses from the water sample into the carrier gas of a GC and separating N 2 and O 2 into discreet peaks. The peaks were quantified with a Perkin Elmer 9310 gas chromatograph equipped with a thermal conductivity detector. In our current study, we measured dissolved O 2 concentrations over the course of the incubation with a Hach LDO101 oxygen sensor and N 2 concentrations were determined by the N 2 /Ar technique on a MIMS.
Although the GC gas stripping and the MIMS N 2 /Ar methods clearly differ in terms of the instruments used to estimate denitrification, they are similar in that they both are techniques that directly measure the concentration of N 2 . Currently, to our knowledge, there are no published simultaneous comparisons between the GC method and the N 2 /Ar technique. However, we acknowledge that differences in denitrification rates may be driven, at least in part, by methodical issues.
As part of our historic comparison we also calculated net ecosystem daytime productivity and nighttime respiration using the same change in oxygen concentration method which was first proposed by Odum (1956) and modified according to Thébault (Thébault et al., 2008) . We computed rates for our sampling years (2011) (2012) at Childs River Estuary, the station where historic measurements were conducted in the early 1990s (D'Avanzo et al., 1996) . We used conductivity, temperature, and dissolved oxygen data from the Waquoit Bay National Estuarine Research Reserve (WBNERR) System-Wide Monitoring Program (SWMP) (NOAA, 2012) . All input data was measured at 15-min intervals using a YSI model 6600 data logger equipped with a Luminescence Lifetime ProODO optical sensor and is deployed and maintained by WBNERR. The data were carefully examined and we removed any time points flagged by the WBNERR staff as potentially erroneous. We did not eliminate data based on severe weather events. The historic study (D'Avanzo et al., 1996) used an ENDECO/YSI 1184 rapid-pulsed Clark-type polarographic electrode (membrane technology) to determine dissolved O 2 concentrations. In our 2011-2012 study, the Childs River Estuary data-sonde was a YSI 6600v2 equipped with a 6150 ROX Optical dissolved oxygen probe. Side-by-side simultaneous measurement of dissolved O 2 concentrations using these two sensors has shown agreement within 1% (Thébault et al., 2008) .
The basic method for calculating daily productivity and respiration rates uses rates of dissolved O 2 concentration change over a 24-h time period (Odum, 1956) . The rate of dissolved O 2 change during the day is net primary production, while at night it is respiration. The relationship is represented by the mass balance equation:
Where dDO is the change in concentration of dissolved oxygen (mg O 2 L −1 ), dt is the change in time (h), P is the rate of gross photosynthesis and R is the absolute value of respiration, and D is the diffusional flux of oxygen between the water-air interface (mg O 2 L −1 h −1 ). The diffusional flux (D) is dependent on wind driven turbulence on the water surface and the concentration gradient between the dissolved oxygen concentration in the water (DO) and the hypothetical saturation concentration at equilibrium with the atmosphere (DO s ). The relationship is described by:
In our calculations we set the exchange coefficient (k) equal to 0.5 h −1 . While this exchange coefficient is generally representative of estuarine tributaries (Caffrey, 2004) , the coefficient can vary with wind conditions and other studies use wind speeds measured concurrently to dissolved oxygen concentrations to determine k (Marino and Howarth, 1993; D'Avanzo et al., 1996; Thébault et al., 2008; Howarth et al., 2014) . Therefore, our measure of the diffusional flux is simplistic and may at times be over or underestimated. The DO s concentration is a function of water salinity and temperature (Benson and Krause, 1984) . When the DO concentration in the water exceeds the saturation concentration, the diffusive rate is negative indicating oxygen flux out of the water and when the DO concentration is less than the saturation concentration, the diffusive rate is positive indicating diffusion of oxygen from the atmosphere into the water. Dissolved O 2 change can also be a result of exchange with other water bodies through advection, but in Waquoit Bay this has been determined to be a negligible process (D'Avanzo et al., 1996; Caffrey, 2003) . D'Avanzo et al. (1996) calculated that the tidal excursion for Childs River Estuary was 600 m. This excursion value is less than the length of estuary indicating that tidal advection is likely to be confined within the sub-estuary region during the intervals over which productivity and respiration are measured. In addition, Caffrey (2003) tested the impact of horizontal advection on metabolism calculations for a 6-week period at the end of 1998 in Waquoit Bay using WBNERR sondes at Central Basin and Metoxit Point stations. It was found that production and respiration calculated from these data did not significantly differ between the two stations (Caffrey, 2003) . In our calculations we also assumed negligible effects of advection based on the findings of D' Avanzo et al. (1996) . Additionally, we did not find a correlation between dissolved O 2 concentrations and salinity (R 2 = 0.002), again indicating that dissolved O 2 concentrations where not greatly impacted by tidal advection.
DATA ANALYSIS
All statistical tests were conducted using the JMP software package (version 10.0.0, copyright 2012, SAS Institute Inc.). To determine if flux rates were significantly different from each other we ran two-way analysis of variance (ANOVA) with sampling date and station as the main effects. We then conducted paired student's t test post-hoc to further examine where differences existed in our datasets. We determined outliers as points that exceed 1.5 times the interquartile range beyond the first or third quartiles. For all statistical analyses we interpreted a p value ≤ 0.05 to show that the observed trends and correlations were statistically significant.
RESULTS
SEDIMENT OXYGEN UPTAKE
Sediment O 2 uptake from the DIN incubation ranged (± standard error) from 1117 (±115) to 3053 (±378) μmol O 2 m −2 h −1 with a mean of 2025 (±151) μmol O 2 m −2 h −1 ( Table 2) . O 2 uptake measured from the DIN incubation (conducted first) was significantly lower (p = 0.04) than the uptake measured during the incubation for N 2 samples by approximately 14%. In order to be consistent, we use only the O 2 uptake values measured from the first DIN incubation for our comparison analyses. Oxygen uptake values differed significantly across the stations sampled because Metoxit Point and Sage Lot Pond had greater O 2 uptake rates compared to South Basin and Childs River Estuary (p < 0.01) ( Figure 3A) . Three dates (7-July-2011 , 11-Oct-2011 , and 6-Aug-2012 were significantly higher than two other sampling dates (11-July-2012 and 2-Oct 2012) but the data exhibited no correlation with temperature (R 2 < 0.001, p = 0.83, temperature range 20-30 • C).
BENTHIC DISSOLVED INORGANIC NITROGEN FLUXES
We measured positive fluxes of ammonium (NH + 4 ) from the sediments at all stations over the course of this study except on one occasion (11-July-2012) where we measured mean NH + 4 uptake (negative flux) from Childs River Estuary sediments. Additionally, Table 2) .
Ammonium fluxes were significantly higher at Sage Lot Pond and Metoxit Point than South Basin (p = 0.002 for both Sage Lot Pond and Metoxit Point). Childs River Estuary did not differ significantly from the other stations. Additionally, while samples taken on 7-July-2011 had higher rates than samples from 29-July-2011 and 11-July-2012, there was no significant correlation between NH + 4 flux rates and temperature (R 2 = 0.004, p = 0.650). Ammonium flux rates were positively correlated with O 2 uptake rates (R 2 = 0.34, p = 0.014) with high rates of NH + 4 flux corresponding to high rates of O 2 uptake (Figures 3A,B) .
In general, we observed low sediment NO − 2 fluxes ( Figure 3C ) with a range of mean rates (± standard error) from −4.6 (±1.3) to 1.6 (±0.2) μmol N m −2 h −1 ( Table 2) . Production (positive flux) of NO − 2 was measured only once over the sampling period (Metoxit Point, 7-July-2011, 1.6 ± 1.6 μmol N m −2 h −1 , n = 3). The highest NO 
DISCUSSION SPATIAL VARIABILITY
Despite the spatial gradient of N loads in Waquoit Bay the observed benthic fluxes did not follow the trend of N loading (Figure 3) . Water column and sediment characteristics also did not vary as function of N loading ( Table 1) . Although many studies have found a positive relationship of N load to these benthic flux rates (Seitzinger, 1988; Nowicki, 1994) others have found little to no relationship between nutrient enrichment and net denitrification rates (Oviatt et al., 1995; Fulweiler et al., 2008) . Similarly, the historic Waquoit Bay studies (LaMontagne and Valiela, 1995; LaMontagne, 1996; LaMontagne et al., 2002 ) also did not find a significant relationship between N load and O 2 uptake, NH + 4 , NO − 3 , or net N 2 flux rates. This suggests that in Waquoit Bay factors other than N load may be of equal or greater importance in determining organic matter deposition to sediments and subsequently the rates of benthic metabolism and N cycling dynamics.
SEDIMENT OXYGEN UPTAKE
We measured a significant difference in O 2 uptake rates between the four stations, however the relationship between N load and O 2 uptake was not a positive correlation as has previously been found in other estuarine systems (Nixon, 1981) . For example, the Childs River Estuary receives the highest N inputs from its sub-watershed relative to the other stations however O 2 uptake was relatively low. We attribute this pattern to the low concentrations of dissolved O 2 in the Childs River Estuary water column when we collected our sediment cores and station water for incubations, 5.1 ± 0.6 mg O 2 L −1 (mean ± standard error). These concentrations were 2.0-3.6 mg O 2 L −1 lower than the concentrations measured at the other stations sampled on the same day.
The highest rates of O 2 uptake were measured at Metoxit Point and Sage Lot Pond. The similarity in O 2 uptake rates between these two stations is intriguing as the Metoxit Point station is heavily influenced by anthropogenic N while Sage Lot Pond has the lowest N load (Table 1) . Large, pervasive, filamentous macroalgae mats of Cladophora vagabunda and Gracilaria tikvahiae characterize Metoxit Point. In contrast, the dominant primary producer in Sage Lot Pond is the rooted eelgrass, Zostera marina, (Table 3) which once covered the entire benthos of the Waquoit Bay estuary (Valiela et al., 1992) . Although these systems have different N loads and ecological structures, they are both highly productive regions of the bay and have organic rich sediments. The percent carbon content of both of these stations was similar (6.11 ± 0.28% and 5.93 ± 0.37%, Metoxit Point and Sage Lot Pond respectively), as was their porosity and density compared to the other two stations ( Table 1) . The South Basin station is moderately impacted by anthropogenic activities because of its location at the mouth of the estuary, which puts it relatively far from land-based N loading and it is the most tidally flushed and well mixed site. At this station we measured lower oxygen demand than both Metoxit Point and Sage Lot Pond but rates similar to in grams dry weight per meter squared (g d.w. m −2 ) between surveys conducted in the early 1990s (Hersh, 1996) (± standard error, Fox (2008) and for the reported time periods. The Hersh (1996) study did not include an estimate of variability from the mean nor were the data available in any appendices. Since the study was conducted at the same location and using the same sample design and methods as Fox (2008) and Fox et al. (2008) it is likely that the deviation and error about the mean are similar.
Childs River Estuary, the station most heavily influenced by N loading. The relatively low rates at South Basin and Childs River Estuary may be attributed again to their similarity in sediment characteristics. Both these stations have lower percent carbon in their sediments than the other two stations (1.02 ± 0.07% and 1.12 ± 0.32%, South Basin and Childs River Estuary respectively) ( Table 1) .
BENTHIC NITROGEN FLUXES
Many estuarine studies of benthic sediment fluxes report high rates of NH + 4 efflux increasing with N loading, organic matter content, and temperature (Nixon, 1981; Boynton and Kemp, 1985; Nowicki, 1994) . In Waquoit Bay, we observed NH + 4 fluxes that were partially consistent with these previous studies. Metoxit Point, the station with the second highest N load, had significantly greater rates of NH from the sediments. However, from the station least impacted by excess N (Sage Lot Pond) we also measured high rates of NH + 4 flux relative to South Basin. This is likely a result of the organic rich sediments found in the productive eelgrass beds of Sage Lot Pond (Table 1) , which can promote microbial decomposition and mineral regeneration (Nixon et al., 1980; Nixon, 1981; Kemp et al., 2005) .
Concentrations of NO − 3 and NO − 2 were low and often below the detection limit of our analysis. The historic Waquoit Bay studies also report low NO − 3 and NO − 2 concentrations and fluxes (LaMontagne, 1996; Kirkpatrick and Foreman, 1998; LaMontagne et al., 2002) . There is a broad range of literature NO − 3 flux values from other estuaries exhibiting both uptake and release. Kemp et al. (1990) exclusively measured nitrate uptake in the Chesapeake Bay with a flux range from −100 to 0 μmol N m −2 h −1 while other systems were balanced between uptake and release (Gardner et al., 2006; Giblin et al., 2010) . Fulweiler et al. (2010) found a maximum nitrate flux of −60 μmol N m −2 h −1 at the Providence River estuary, which corresponded to the highest NH + 4 release and thus was suggestive of dissimilatory nitrate reduction to ammonium (DNRA).
DIRECT MEASURE OF NET SEDIMENT N 2 FLUX
Net sediment N 2 fluxes directly measured from water samples were not significantly different from each other except that Metoxit Point was significantly lower than the other stations because of negative N 2 fluxes (indicating net N-fixation) measured there. We hypothesize that these negative N 2 fluxes are because of the inhibition of coupled nitrification-denitrification at this site. Under frequent and intense low oxygen and sulfidic conditions, nitrification would be diminished thereby decreasing the amount of NO − 3 available for denitrification. This finding is supported by Rysgaard et al. (1994 Rysgaard et al. ( , 1995 who found lowest rates of denitrification in the summer when water column oxygen and nitrate concentrations were at a minimum thus inhibiting coupled nitrification-denitrification in the sediments.
Since Childs River Estuary is also greatly influenced by anthropogenic N loads, we might expect that net N 2 flux rates would be more similar to the Metoxit Point station. However, we observed important differences between these two stations. For example, at Childs River Estuary we did not observe extensive macroalgae mats and sulfidic sediments as we did at Metoxit Point. Additionally, Childs River Estuary cores typically had a small, light oxic layer while Metoxit Point sediments were always uniformly dark and likely anaerobic to the surface. These qualitative observations suggest that coupled nitrification-denitrification was less inhibited in Childs River Estuary sediments, which is why rates of net N 2 flux were significantly greater than at Metoxit Point.
Although Metoxit Point and Sage Lot Pond had similar sediment O 2 uptake, presumably because of their high productivity, they exhibited opposite trends in net N 2 fluxes. In fact, at Metoxit Point we only measured net N fixation while the highest rate of net denitrification was measured at Sage Lot Pond. This distinction is an important reminder as to some of the deleterious and perhaps unexpected effects of nutrient pollution and eutrophication. While increased nutrient loading may stimulate organic matter production (Nixon et al., 2001) , it also changes the ecosystems biological structure and chemical composition. For example, the loss of eelgrass and associated bioturbating infaunal community is likely to diminish oxic regions www.frontiersin.org
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within the sediments and therefore decrease areas where coupled nitrification-denitrification can occur. Inhibition of this crucial microbial process is significant as denitrification has the potential, in many coastal systems, to nearly completely filter out reactive N inputs (Seitzinger, 1988) . Metoxit Point and Sage Lot Pond may both have high productivity, but the station more strongly altered by anthropogenic N loads (Metoxit Point) is the least capable at providing this important ecosystem service.
HISTORIC COMPARISONS
During the early and mid-1990s sediment O 2 uptake, dissolved inorganic nitrogen, and N 2 sediment flux measurements were made in Waquoit Bay (LaMontagne and Valiela, 1995; LaMontagne, 1996; Kirkpatrick and Foreman, 1998; LaMontagne et al., 2002) . These historic studies employed both similar experimental design (i.e., sealed sediment core incubations), as well as similar sample analyses to our current study. LaMontagne (1996) measured O 2 uptake, dissolved inorganic nitrogen, and N 2 fluxes between 1992 and 1994 in two of the stations measured here (Sage Lot Pond and Childs River Estuary). Sediment O 2 uptake, measured on 33 occasions during this period, ranged from 662 to 7103 μmol O 2 m −2 h −1 , with the highest rates occurring in the summer (LaMontagne, 1996) . The highest O 2 uptake we measured (July-October 2011) was approximately 3016 μmol O 2 m −2 h −1 . Using only measurements between July and October, the historic (1992-1994) mean (± standard error) O 2 consumption rates for Sage Lot Pond and Childs River Estuary were 5270 (±1001) and 4144 (±346) μmol O 2 m −2 h −1 , respectively (LaMontagne, 1996) . These historic rates are 32 and 61% greater than the mean sediment O 2 uptake we measured (2510 (±265) and 1604 (±7.6) μmol O 2 m −2 h −1 , p = 0.009 and p = 0.006, Sage Lot Pond and Childs River Estuary respectively) (Figure 4) .
Compared to historical NH + 4 flux rates measured in Waquoit Bay our values are again substantially lower for Childs River Estuary, however the difference was not significant for Sage Lot Pond. The average rates we measured (± standard error) were 209 (±99) and 97 (±56) μmol N m −2 h −1 for Sage Lot Pond and Childs River Estuary respectively. LaMontagne (1996) published mean (± standard error) July-October NH + 4 flux rates of 331 (±133) and 511 (±93) μmol N m −2 h −1 from Sage Lot Pond and Childs River Estuary respectively (p = 0.530 (SLP) and p = 0.024 (CRE)) (Figure 4) . Furthermore, values reported for Childs River Estuary by Kirkpatrick and Foreman (1998) are over 6 times higher than those we measured (606 μmol N m −2 h −1 ). Similar to our findings the historic studies in Waquoit Bay (LaMontagne and Valiela, 1995; LaMontagne, 1996; Kirkpatrick and Foreman, 1998; LaMontagne et al., 2002 ) also measured extremely low concentrations and fluxes of NO x and NO − 2 during the summer. This may be a result of assimilation by primary producers. It is also indicative of highly reducing sediments with low nitrification or sediments where nitrification and denitrification are tightly coupled.
Finally, historic net N 2 fluxes from Waquoit Bay sediments were nearly an order of magnitude greater than the net N 2 fluxes we measured when pooling both stations together (p = 0.012). The difference was not statistically significant when stations were separated due to a small sample size in the current study (n = 3 and n = 2, Childs River Estuary and Sage Lot Pond, respectively). The mean net N 2 flux rates (±SE) reported between July and October during 1992-1994 by LaMontagne (1996) for Sage Lot Pond and Childs River Estuary are 197 (±45) and 174 (±39) μmol N 2 -N m −2 h −1 respectively compared to the current means of 40 (±24) and 34 (±14) μmol N 2 -N m −2 h −1 [p = 0.102 (SLP) and p = 0.059 (CRE)] (Figure 4) . The historic mean net N 2 flux rate for both stations together is nearly 80% greater than the mean net N 2 flux rate we observed in our study (p = 0.012).
Using July-October net N 2 rates from dark incubations, we scaled up fluxes for the Childs River to the water body surface area of the sub-estuary for an entire year, in order to compare the estimated percentage of anthropogenic N inputs removed. Assuming that these rates are representative of rates for the entire Childs River sub-estuary and throughout the year, we found that the mean historic rate (2818 (±632) kg N y −1 ) could have removed 51% (±11%) of the annual external N inputs (5536 N y −1 , Valiela et al., 2000) , while the current rate [551 (±227) kg N y −1 ] accounts for only 10% (±4%) of the external N inputs.
The decrease in net N 2 flux rates may be explained by fundamental alterations of the ecological structure and functioning in Waquoit Bay. Alternatively, our observed trend could be a result of high year-to-year variability, methodological differences between our two studies, or a combination of these factors. Although the field and incubation procedures were nearly identical, the methods used to directly measure the N 2 concentration of the water samples differed. Both techniques have similar limitations including gas disequilibria from changing temperatures or from methane ebullition (Cornwell et al., 1999) , however the N 2 /Ar MIMS method is much more precise than the gas stripping GC method (coefficient of variance 0.03% and 0.5% for N 2 /Ar and GC methods, respectively) (Devol, 1991; Kana et al., 1994) .
While we propose that the differences observed between our net N 2 flux rates and the historic values are not caused exclusively by the method differences, we are cautious with this interpretation, as denitrification is an extremely difficult process to measure (Cornwell et al., 1999; Groffman et al., 2006) . However, the fact that we also see dramatic declines in sediment O 2 uptake, benthic DIN fluxes (which use the same methods) across a range of years in the early 1990s and in our current study suggests that these decreases are caused, at least in part, by larger ecosystem level differences.
In our comparison of net ecosystem daytime production and nighttime respiration, we once again found that current (2011) (2012) rates of production and respiration in the Childs River Estuary were lower than historic rates ( -1992 ( , D'Avanzo et al., 1996 during the July-October sampling period (ANOVA, p < 0.0001 for both production and respiration) (Figure 5) . The mean daily rate (± standard error) for daytime net production during this 4-month time period 2011-2012 and 1991-1992 respectively] . During most months of the year, the monthly mean of daytime net production was greater in the historic dataset (above the 1:1 line, Figure 6A) . The exceptions to this relationship included two winter data points (November, December monthly averages) where historic and current rates were equivalent (on the 1:1 line, Figure 6A ) and two spring month data points (March, April monthly averages) where the current rates were greater than the historic (below the 1:1 line, Figure 6A ). Monthly means of daily respiration rates were always greater in the 1991-1992 dataset compared to the 2011-2012 data except for March ( Figure 6B ). Daytime net Figure 1 ). They include data collected from Childs River Estuary over a year (Jul-Dec 1991 , Jan-Jun 1992 in 10 deployments (5-25 days) of automated ENDECO model 1184 meters. The filled bars above zero indicate mean net daytime productivity rates for the sampling time frame (July-October) for the historic 7.18 g O 2 m −2 y −1 (red bar), and current 4.36 g O 2 m −2 y −1 (blue bar) time frames, respectively. The filled bars below zero indicate mean nighttime respiration rates for historic −7.39 g O 2 m −2 y −1 (red bar) and current −4.36 g O 2 m −2 y −1 (blue bar) time frames respectively. Differences between current and historic daily rates for both production and respiration during the July-October time frames were significant (ANOVA, p < 0.0001).
production and respiration monthly mean rates during the 2011-2012 months of sediment core sampling (July-October) were significantly higher in 1991-1992 compared to 2011-2012 (p = 0.026 and p = 0.004, production and respiration, respectively). While we acknowledge that our calculation of net ecosystem production and respiration is simplistic due to our use of a constant gas exchange coefficient (see Methods section), our aim here was to provide an additional way to examine changes in the system.
In Waquoit Bay, macrophytes are the dominant primary producers (Valiela et al., 1992 (Valiela et al., , 1997b and drive trends in diel dissolved oxygen concentrations (D'Avanzo and Kremer, 1994) . In an effort to explain this decreased production and respiration, we compared macroalgae biomass data from the early 1990s (Hersh, 1996) and 2000s (Fox, 2008; Fox et al., 2008) in Waquoit Bay (Table 3) . We find that in both the Childs River Estuary and Sage Lot Pond sub-estuaries mean biomass of the dominant macroalgae species (Cladophora vagabunda and Gracilaria tikvahiae) decreased from the early 1990s compared to the early 2000s. And in Sage Lot Pond the biomass of eelgrass, Zostera marina, also decreased. While more extensive analyses including the compilation of all available Waquoit Bay macrophyte survey data and estimates of error would strengthen the validity of this trend, we find this preliminary comparison compelling. Changes in the dominant primary producer and the abundance of this production provide a plausible explanation for decreased benthic sediment oxygen uptake and nitrogen cycling dynamics. Reduced macrophyte biomass would reduce production and respiration for this system and diminish organic matter loading The number of days included in those monthly means varies. The number of days included in monthly means was 44 for the current study (2011 and 2012) and 8 for the historic study (1991 and 1992) . Monthly averaged daytime production and nighttime respiration values were statistically lower for the current time period compared to the historic (ANOVA p = 0.026 and p = 0.004, production and respiration means, respectively). Line indicates a 1:1 comparison between the current and historic rates.
to the sediment. We would expect that decreased organic matter availability would result in lower benthic fluxes as correlations between autochthonous and allocthonous carbon supply and benthic sediment oxygen uptake and nutrient regeneration (Nixon, 1981; Hopkinson and Smith, 2005) as well as with N 2 fluxes (Cornwell et al., 1999; Fulweiler et al., 2008 Fulweiler et al., , 2013 Eyre et al., 2013) are well established. Further, the findings of decreases in primary production and benthic fluxes mimic those observed in a nearby estuary, Narragansett Bay (further discussion below).
PROPOSED MECHANISMS OF CHANGE
The question remains as to what could be driving the observed differences in system productivity and nitrogen cycling between the early 1990s and 2000s? While at this point we cannot assign a single answer to this question we suggest three plausible explanations, and all may be at least partially contributing to the observed changes.
First, dampened fluxes could be caused by high annual variability. High variability in sediment N 2 fluxes (−257 to 154 μmol m −2 h −1 ), directly related to water column chlorophyll a variability, have been observed in a unique 9 year continuous study in Narragansett Bay (Fulweiler and Heiss, 2014) . Large seasonal and inter-annual fluctuations of macroalgae and eelgrass biomass have been measured historically in Waquoit Bay (Hersh, 1996; Valiela et al., 1997b; Fox, 2008; Fox et al., 2008) and this variance tends to be more pronounced with higher N loads (Fox, 2008; Fox et al., 2008) . It is known that changes in the quantity of organic matter deposited to the benthos will alter decomposition rates and thus rates of nutrient remineralization (Nixon, 1981; Hopkinson and Smith, 2005) and denitrification (Cornwell et al., 1999; Fulweiler et al., 2008 Fulweiler et al., , 2013 Eyre et al., 2013) . Thus, we could simply be observing the benthic response to year-to-year changes in primary production.
A second explanation could be that dampened benthic fluxes could be the next stage of impacts driven by N pollution and that we are witnessing the birth of "dead zone." Based on land use data from MassGIS (www.mass.gov) and the Boyer (Boyer et al., 2002) model it is possible that N loading to Waquoit Bay could be currently increasing, albeit more slowly than 50 years ago. Nevertheless, ecosystems may reach a threshold or tipping point in N inputs where beyond a certain point the system is fundamentally altered (Scheffer et al., 2001; Webster and Harris, 2004; Duarte et al., 2009) . While, at this point we can only suggest a likely scenario based on the information at hand, we propose the following. Take the Childs River Estuary where we measured the most dramatic changes from historic rates as an example: the high macroalgae production and frequent anoxic conditions over time would result in diminished oxygen availability and high sulfide concentrations causing coupled nitrification-denitrification to cease. In time, these conditions would become toxic to bioturbating organisms, aerobic bacteria, and even the macroalgae that once thrived there. Instead, the community would be replaced by slow growing anaerobic organisms, which result in the dampened fluxes we observe. While this explanation may work for the high N load station it does not explain the concurrent decreases observed in the low N load station (Sage Lot Pond).
Thus, other mechanisms driving either high inter-annual variability and/or significant declines of primary production in this system over the past 20 years must include larger scale phenomena. For example, in nearby Narragansett Bay, similar declines in benthic metabolism and nitrogen cycling were reported (Fulweiler et al., 2007; Nixon, 2009, 2011) . The changes in Narragansett Bay were hypothesized to be driven by increased water temperatures, decreased wind speed, and alterations in the timing and magnitude of the winter-spring phytoplankton bloom . Although Waquoit Bay is not a phytoplankton-based ecosystem, it is conceivable that changes in meteorological parameters such as temperature, precipitation, and wind speed are driving the changes we observe in Waquoit Bay as well. Perhaps not surprisingly due to their proximity, many meteorological changes observed in Narragansett Bay are also observed in Waquoit Bay. For example, as in Narragansett Bay surface temperatures in coastal Cape Cod waters have also been increasing over the past 4 decades (Nixon et al., 2004 (Nixon et al., 2004) . We found that over the past 20 years there has also been a significant increase in total annual rainfall (p = 0.002) and discharge from Quashnet River to Waquoit Bay (p = 0.001) (Figure 7) . Finally, decade long wind data from the Waquoit Bay National Estuarine Research Reserve show that while mean annual wind speed from 2002 to 2013 had not significantly changed wind speed between May and October has significantly declined (p = 0.016) over this same time period.
Determining how all of these factors combine to ultimately impact benthic fluxes in Waquoit Bay is beyond the scope of this paper, but is the focus of our current and future efforts. Here we can only hypothesize some ways in which these climatic patterns may alter ecosystem function. First, warming temperatures will increase metabolic activity of both autotrophs and heterotrophs (Hopkinson and Smith, 2005; Harris et al., 2006; Anderson et al., 2014) . While at first this might lead to an increase in photosynthetic activity ultimately when macroalgae are exposed to temperatures beyond their thermal optimum photosynthesis declines rapidly (Davison, 1991) . Additionally, an autotroph's response to FIGURE 7 | Total annual rainfall and freshwater discharge in the Waquoit Bay watershed. (A) Annual rainfall (centimeters (cm)) was measured from 1988 to 2012 at the Department of Conservation and Recreation's rainfall station (FAL904) in Falmouth, MA (data can be downloaded at http://www.mass.gov/eea/agencies/dcr/water-resprotection/water-data-tracking/rainfall-program.html) (B) Annual freshwater discharge (cubic meters per second (m 3 /s)) was measured from 1988 to 2015 at the U.S. Geological Survey's Quashnet River station (USGS 011058837) in Waquoit Village, MA (data can be downloaded at http://waterdata.usgs.gov/nwis/dv/?site_no=011058837&agency_ cd=USGS&amp;referred_module=sw). Dark gray symbols represent the years of the historic (1992-1994) and current (2011-2012) studies. Equations and the coefficient of determination (R 2 ) for linear models are displayed next to the curves. increased temperature may vary when combined with changes in other environmental variables. For example, seagrass response to increased temperature is positive under high light conditions but negative under low light conditions (Bulthuis, 1987) . The effect of temperature on eelgrass (Zostera marina) in large mesocosm studies was significantly increased under elevated inorganic nutrients and is the proposed mechanism driving major eelgrass declines in the Northeast (Bintz et al., 2003) . Of course, primary producers would also be impacted by the observed changes in precipitation, freshwater discharge, and wind speeds of Waquoit Bay. While the data do not exist for the major tributaries of Waquoit Bay it is reasonable to suspect that the increase precipitation and freshwater discharge has also led to an increase in total suspended solids and colored dissolved organic matter which would attenuate light and decrease primary production (Anderson et al., 2014) . Finally, decreased wind speeds in May through October (arguably the dominant metabolic period of the year), has likely resulted in decreased vertical mixing and enhanced water column stratification ). As such, bottom water exchange with the atmosphere would be limited and even though there is evidence of decreased primary production, the lack of water column mixing may increase low oxygen conditions in bottom waters. In turn, this could cause a shift from aerobic to anaerobic respiration, declines in sediment macroafuana abundance and activity, and lower rates of benthic fluxes. Despite not being able to pinpoint the mechanisms driving our observations, the fact that we report similar changes to those found for nearby Narragansett Bay suggests that larger scale climatic patterns are responsible for the decrease in benthic fluxes. Thus, anthropogenic impacts on coastal systems are no longer simply local, instead they are part of the global change that has come to dominate our planet.
CONCLUSIONS
Positioned at the interface between land and sea, estuarine systems are influenced by local stressors such as N loading and also larger, regional and climate scale perturbations. Alterations of the physical and chemical nature of ocean systems can have direct and profound impacts on ecological structure and functioning of estuaries (Cloern et al., 2007; ). In the spatial scope of this study we did not find a clear relationship between the load of N and benthic flux rates across the four sampling stations. However by taking a broader perspective and comparing our results to historic values, we find significantly lower rates than those measured two decades ago in Sage Lot Pond and Childs River Estuary. Rates of net ecosystem production and respiration were 39 and 38% lower than historic rates, respectively (p < 0.0001). Sediment O 2 uptake and NH + 4 flux for both SLP and CRE combined were less than half of historical rates (p = 0.001 and p = 0.023, O 2 and NH + 4 , respectively). Perhaps one of the most important changes observed is the 80% reduction in net N 2 efflux rates from sediments (p = 0.012). If this is truly a longterm trend then this represents a substantial loss in the important ecosystem service of reactive N removal. Alternatively, if this is simply year-to-year variability then these findings suggest that the coastal sediment N cycling in general and N 2 fluxes in particular are more dynamic than previously realized. And finally, a better understanding of how powerful global-scale forcings (e.g., changes in temperature, precipitation, sea level, light, and wind) interact with local-scale impacts (e.g., changing nutrient loads) to impact whole system functioning is crucial in our prediction of long-term ecological trajectories and for better management strategies for coastal regions.
